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Abstract Tropical peat swamp forests are major 
global carbon (C) stores highly vulnerable to human 
intervention. In Peruvian Amazonia, palm swamps, 
the prevalent peat ecosystem, have been severely 
degraded through recurrent cutting of Mauritia 
flexuosa palms for fruit harvesting. While this can 
transform these C sinks into significant sources, the 
magnitude of C fluxes in natural and disturbed con-
ditions remains unknown. Here, we estimated emis-
sions from degradation along a gradient comprising 
undegraded (Intact), moderately degraded (mDeg) 
and heavily degraded (hDeg) palm swamps. C stock 

changes above- and below-ground were calculated 
from biomass inventories and peat C budgets result-
ing from the balance of C outputs (heterotrophic soil 
respiration (Rh), dissolved C exports), C inputs (lit-
terfall, root mortality) and soil  CH4 emissions. Fluxes 
spatiotemporal dynamics were monitored (bi)monthly 
over 1–3 years. The peat budgets (Mg C  ha−1  year−1) 
revealed that medium degradation reduced by 88% the 
soil sink capacity (from − 1.6 ± 1.3 to − 0.2 ± 0.8 at the 
Intact and mDeg sites) while high degradation turned 
the soil into a high source (6.2 ± 0.7 at the hDeg 
site). Differences stemmed from degradation-induced 
increased Rh (5.9 ± 0.3, 6.2 ± 0.3, and 9.0 ± 0.3  Mg 
C  ha−1  year−1 at the Intact, mDeg, and hDeg sites) 
and decreased C inputs (8.3 ± 1.3, 7.1 ± 0.8, and 
3.6 ± 0.7  Mg C  ha−1  year−1 at the same sites). The 
large total loss rates (6.4 ± 3.8, 15.7 ± 3.8 Mg C  ha−1 
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 year−1 under medium and high degradation), originat-
ing predominantly from biomass changes call for sus-
tainable management of these peatlands.

Keywords Carbon budget · CO2 emissions · 
Litterfall · Heterotrophic respiration · Palm swamp 
peatlands · Soil respiration

Introduction

Tropical peat swamp forests are among the most 
carbon-dense ecosystems of the world and have 
been receiving a lot of attention because of the sub-
stantial role they can play in climate change mitiga-
tion strategies (Hergoualc’h et  al. 2018; Murdiyarso 
et  al. 2013). The largest areas of tropical peatlands 
are located in the lowland humid forests of South 
and Central America, Southeast Asia, and equatorial 
Africa (Gumbricht et  al. 2017). Peruvian Amazo-
nian lowland peatlands cover an area of 62,714  km2 
(Hastie et  al. 2022) out of a total of 1,700,000  km2 
for the tropics (Gumbricht et al. 2017) and are mostly 
concentrated in the northeast Pastaza-Marañón River 
basin (43,617  km2). This peatland hotspot was esti-
mated to store 4.1 Pg of carbon (C) in peat deposits 
up to 7.5 m deep (Hastie et al. 2022; Lähteenoja et al. 
2012). In the region as elsewhere in lowland Ama-
zonia, the main peat-forming ecosystem is a swamp 
forest dominated by the palm Mauritia flexuosa 
(locally named aguaje) that is regularly flooded by 
dynamic rivers such as the Amazon and its tributaries 
(Hergoualc’h et  al. 2022; Draper et  al. 2014). Other 
peat-forming ecosystems like herbaceous swamp and 
pole forest cover all together only 20% of the peatland 
surface (Hastie et al. 2022).

Though Peruvian Amazonian peatlands have not 
suffered extensive drainage and conversion as their 
Southeast Asian counterparts (Lilleskov et al. 2019), 
M. flexuosa-dominated swamps have been exten-
sively degraded over the past four decades (Padoch 
1988). The fruit of this palm is widely consumed for 
subsistence and commercial purposes, with a record 
entering the city of Iquitos of 8206 Mg in 2012–2013 
(Horn et  al. 2018). M. flexuosa fruits are primarily 
harvested by cutting down entire (female) palms leav-
ing the trunks on the ground for palm weevils (Rhyn-
chophorus palmarum) collection, a local food-source, 
and for building tracks to facilitate fruit transportation 

through the flooded forest (Hergoualc’h et al. 2017a; 
Horn et  al. 2012; Virapongse et  al. 2017). While 
large-scale spatial assessments have not been con-
ducted, this destructive harvesting practice is known 
to be widespread (Horn et al. 2018; Hidalgo Pizango 
et al. 2022). Notably a pilot study across a 3500  km2 
area along the Ucayali and Marañón River basins 
showed that 73% of palm swamps were degraded 
(Hergoualc’h et  al. 2017a). Concerns about the eco-
logical implications of this practice have been raised 
for many years (Padoch 1988; Penn et al. 2008) and 
include changes in forest structure and composition 
with a decline of M. flexuosa density (Bhomia et al. 
2019; Hergoualc’h et al. 2017a) and the colonization 
of gaps by pioneer species when palms fail to regen-
erate (Bhomia et al. 2019). The potential for cascad-
ing consequences on biodiversity is also high as M. 
flexuosa plays an important role in the ecology and 
life cycle of numerous species (Bodmer et al. 1999). 
According to Hergoualc’h et  al. (2017a), degrada-
tion in palm swamp peatlands translates into signifi-
cant reductions in biomass with above and below-
ground stocks (which average 135.4 ± 4.8 Mg C  ha−1) 
decreased by 11 and 17% following medium and 
high degradation, respectively. In addition, degrada-
tion was observed to alter the forest microclimate 
by increasing the air temperature (Hergoualc’h et al. 
2020) and to induce changes in litterfall properties 
such as its nitrogen content and carbon-to-nitrogen 
(C:N) ratio (van Lent et  al. 2019). Combined, these 
changes could stimulate organic matter mineraliza-
tion, as suggested by results from in vitro peat incuba-
tions (van Lent et al. 2019). Higher soil heterotrophic 
respiration rates coupled with degradation-driven 
expected decreased organic matter inputs have the 
potential to increase net peat  CO2–C emissions.

As per the IPCC, the net  CO2–C uptake or emis-
sion rate of the peat is determined by the balance of 
organic matter inputs from litterfall and root mortality 
and outputs through heterotrophic soil respiration and 
soil carbon leaching (Drösler et al. 2014; Hergoualc’h 
and Verchot 2014). The peat net C gain or loss con-
siders in addition peat  CH4 emissions which are 
typically an order of magnitude lower than  CO2 emis-
sions in peatlands (Hergoualc’h and Verchot 2014; 
Griffis et al. 2020). In natural conditions, the peat C 
budget can alternate from sink to source with a long-
term sink dominance leading to peat accumulation. 
In palm swamp peatlands of the Peruvian Amazonia 
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the historical accretion rate was estimated to average 
0.4  Mg C  ha−1  year−1 based on radiocarbon dating 
(Lähteenoja et al. 2009a). The fluxes contributing to 
the peat C balance have not been investigated so far 
in Amazonian peatlands with research in the tropics 
almost exclusively confined to Southeast Asian peat-
lands. These fluxes are expected to be highly varia-
ble temporally depending on changes in the climate, 
plant phenology, and microbial activity (Griffiths 
et  al. 2017). Notably, the El Niño southern oscilla-
tion (ENSO) induces large interannual rainfall fluc-
tuations (Seneviratne et al. 2012) causing occasional 
floods in palm swamp peatlands for several months 
(Hergoualc’h et  al. 2020; Roucoux et  al. 2013). 
Fluxes can also be substantially spatially diverse, in 
particular root mortality, soil heterotrophic respira-
tion and soil  CH4 fluxes due to the heterogeneity of 
the forest floor. Most peat swamp forests present a 
hummock-hollow microtopography that influences 
the ecohydrological structure and biogeochemical 
processes including C dynamics (Jauhiainen et  al. 
2005; Graham et al. 2020; Hergoualc’h et al. 2020). 
A substantial portion of the large spatiotemporal vari-
ability of the fluxes can be explained by environmen-
tal and ecological variables notably the water table 
level and soil moisture, the structure of plant com-
munity, and the chemical composition of plant tissues 
and peat (Blodau 2002).

This study was carried out to assess ecosystem C 
losses associated with degradation in palm swamp 
peatlands of the Peruvian Amazonia. To do so, we 
conducted biomass inventories and monitored the 
components of the peat C budget along a degrada-
tion gradient that included one undegraded site and 
two sites of varying degradation level. We addressed 
the following research questions: (i) How much C is 
released from the ecosystem as a result of degrada-
tion? (ii) How are the peat  CO2–C and peat C budgets 
impacted by degradation? (iii) How do fluxes con-
tributing to the peat C budget in particular soil res-
piration (total and heterotrophic) and litterfall vary in 
space and time under undegraded and degraded con-
ditions? and (iv) How do environmental and ecologi-
cal parameters control this variation?

Materials and methods

Site description

The study took place southwest of the city of Iqui-
tos, in the Loreto region of the Peruvian Amazonia. 
According to 1948–1994 weather data, the climate 
is tropical humid with a mean annual temperature 
of 27  °C and a mean annual rainfall of 3087  mm 
(Marengo 1998). There is no clear wet-dry season 
pattern with monthly precipitation rates typically 
in the range 100–300  mm throughout most of the 
year; monthly precipitations > 300  mm are frequent 
in November, March and April, and less frequent 
between June and September (Marengo 1998).

We conducted the research in a 500  ha  M. flexu-
osa swamp forest complex in and around the national 
park of Quistococha. According to paleoecological 
records, the forest started to develop about 1000 years 
ago and reached its current vegetation composition 
c. 400  years ago (Roucoux et  al. 2013). The palm 
swamp is quasi-permanently waterlogged with a 
water table that rarely falls below 20  cm under soil 
surface (Hergoualc’h et  al. 2020). The peat in the 
forest is classified as minerotrophic, i.e., nutrient-
rich (Lähteenoja, et al. 2009b; van Lent et al. 2019) 
and reaches a depth of up to 5 m (Lähteenoja et  al. 
2009a).

We selected three 2-ha sites of varying levels of 
degradation inside the forest complex: an undegraded 
site hereafter referred to as Intact site, a moderately 
degraded site (mDeg) and a highly degraded site 
(hDeg) (Fig.  1a). Degradation in the context of this 
research refers to the cutting of M. flexuosa palms for 
fruit extraction and of trees. Levels of degradation 
(medium, high) were assigned upon visual inspec-
tion of the sites in situ and from remote sensing (Fig. 
S1) and informal interviews with community mem-
bers on the intensity of palm and tree cutting. The 
Intact site (S 03° 49.949′ W 073° 18.851′) was situ-
ated within the Quistococha reserve, which has been 
protected since it was established a national park in 
1984. The mDeg site (S 03° 50.364′ W 073° 19.501′) 
was located less than 2  km southwest of the Intact 
site, nearby the village of Las Brisas. The hDeg site 
(S 03° 48.539′ W 073° 18.428′) was less than 3 km 
northeast of the Intact site, at the border of the vil-
lage of San Julian. Satellite images show that in 2010 
the villages nearby the degraded sites did not exist 
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yet and that the three sites were covered by a simi-
lar dense forest with closed canopy (S1). In 2016, 
the presence of the villages was associated with a 
reduced forest canopy that was more prominent at 
the hDeg site than at the mDeg site. According to an 

inventory from 2015 (Bhomia et  al. 2019) tree den-
sity at the Intact, mDeg and hDeg sites was 1846, 954 
and 706 trees  ha−1, respectively, with predominantly 
broadleaf evergreen species. The density of M. flexu-
osa palms (with no male/female distinction) was 170, 
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Fig. 1  Location and pictures of the Intact, moderately (mDeg) 
and heavily (hDeg) degraded sites (a), layout of the experi-
mental setup per site (b) and sketch of a plot (c). Each plot 
comprised an untrenched and a trenched treatment where total 
soil respiration (Rs) and heterotrophic soil respiration (Rh) 
were, respectively, monitored. Each treatment included one 

subplot with a standing live palm at the Intact site and two sub-
plots with a standing live palm and a cut palm at the degraded 
sites. Within each suplot, a distinction was made between hum-
mock and hollow microtopographies. The M. flexuosa scan is 
from Caballero (2017)
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164 and 16 stems  ha−1 at the same sites. M. flexuosa 
was the dominant species at the Intact and mDeg sites 
according to Importance Value Index (IVI), while the 
hDeg site was dominated by the pioneer tree species 
Cecropia membranacea (Bhomia et al. 2019). Other 
tree species with high IVI included Tabebuia insignis 
(Intact site), Vatairea sp. (mDeg site) and Hura crepi-
tans (hDeg site). Remnant M. flexuosa stumps were 
minimal at the Intact site (6 stumps  ha−1) while both 
degraded sites presented a large number of M. flexu-
osa stumps (41   ha−1 and 29   ha−1 at the mDeg and 
hDeg sites) and logs. Peat depth was 2.2 ± 0.1, > 2.65 
and 1.0 ± 0.2 m at the Intact, mDeg and hDeg sites. 
The shallower peat at the hDeg site reflects the spa-
tial variability in peat depth inside the forest complex 
rather than a legacy of degradation. Soil properties 
were mostly homogeneous among sites, with high 
concentrations of Ca and Mg, high percentage of base 
saturation and high phosphorus levels (Table  S2). 
The pH of stagnant water was 5.9, 5.9, and 6.6 at the 
Intact, mDeg and hDeg sites (Bhomia et al. 2019).

Assessment of ecosystem level carbon emissions 
associated with degradation

Carbon emissions resulting from degradation were 
quantified over the period 2010–2015. For this, 
we considered the Intact site as a benchmark repre-
sentative of ecological conditions at the mDeg and 
hDeg sites in 2010 when degradation based on satel-
lite images can be assumed to have been negligible 
(S1). The space-for-time substitution approach we 
employed is an extensively used method which infers 
past trajectories from contemporary patterns and 
assumes that the observed differences can be attrib-
uted to land-use change and are not inherent to site 
differences (Blois et  al. 2013). Emissions of C were 
computed from C stock losses in the aboveground 
biomass (AGB) and the peat as:

Changes in other C pools (belowground biomass, 
litter, and dead wood) are indirectly accounted for in 
peat C losses through their contribution of C inputs 
to the peat, as proposed by Hergoualc’h and Verchot 
(2011) (see detailed methods in the following Peat 
 CO2–C and C budget section).

(1)Ecosystem C loss = AGB C loss + Peat C loss

Losses in AGB at the degraded sites were calcu-
lated from the difference in aboveground biomass C 
stock between the Intact site and the degraded sites in 
2015 as:

where AGB C Intact = 97.7 ± 15.0, AGB C 
mDeg = 67.6 ± 11.2 and AGB C hDeg = 36.8 ± 10.5  Mg 
C  ha−1 as from measurements by Bhomia et  al. 
(2019).

Peat emissions were computed from the difference 
in C stock gained at the Intact site and C stock gained 
or lost at the degraded sites during 2010–2015 as:

where the peat C stock gained/lost (see S3) was 
obtained from annual peat accumulation or loss rate 
(see next section Peat  CO2–C and C budgets). Peat 
accumulation at the Intact site was assumed to be 
in a steady state given the apparent absence of can-
opy changes in the mature forest during 2010–2016 
(S1). At the degraded sites the peat was assumed to 
accumulate C in 2010 at a rate equal to the rate at 
the Intact site and to reach linearly the gain/loss rate 
measured in 2016. Assuming a linear change over a 
short-term period is a reasonable hypothesis in the 
absence of knowledge on annual dynamics of peat 
accumulation or loss rate in tropical peat swamp 
forests.

Peat  CO2–C and C budget in undegraded and 
degraded conditions

The peat  CO2–C budget, i.e. the net emission or 
removal of  CO2–C from the soil as defined by the 
IPCC (Drösler et al. 2014), includes on- and off-site 
C fluxes and was computed as:

where peat  CO2–C budget is the net emission or 
removal of  CO2–C from the soil; Rh is the soil het-
erotrophic respiration; DOC is the dissolved organic 
carbon exported from the soil; litterfall is the above 

(2)
AGB C lossdegraded site =

(
AGB CIntact site− AGB Cdegraded site

)

(3)

Peat C lossdegraded site = | Peat Cgained Intact site

− Peat Cgained∕lost degraded site

(4)
Peat CO2 − C budget = (Rh + DOC)

− (Litterfall + Root mortality)



 Biogeochemistry

1 3
Vol:. (1234567890)

ground input of C through litterfall; and root mortal-
ity is the below ground input of C from root mortality. 
All components are expressed in Mg C  ha−1  year−1. A 
positive budget indicates that the peat is a net source 
of C to the atmosphere.

Furthermore, the peat C budget i.e. the net gain or 
loss of carbon from the soil was calculated following 
the IPCC guidelines (Blain et al. 2014) as:

where soil  CH4–C is the flux of methane from the soil 
in Mg C  ha−1  year−1.

The budgets were based on cumulative or average 
flux rates in c. April 2016–March 2017 (see Y2 in S4) 
when these were monitored concomitantly across the 
sites. Soil heterotrophic respiration and litterfall rates 
were measured as part of this study (see next sec-
tion). Root mortality rates were measured monthly at 
the sites by Dezzeo et al. (2021) from March 2016 to 
January 2017. The DOC loss was assigned the default 
IPCC value for natural flux in undrained tropical 
peatlands (Drösler et al. 2014) as no such data were 
available for the sites. Soil  CH4 fluxes were monthly 
monitored by Hergoualc’h et al. (2020) concomitantly 
with soil respiration measurements (S4).

Soil respiration, litterfall, litter decomposition and 
environmental parameters

Soil respiration, litterfall, litter decomposition 
and environmental parameters were studied along 
three 250  m2 sections per site separated by ~ 150  m 
(Fig.  1b). Within each section, we set up three 
plots ~ 15  m from each other. Monitoring followed 
a protocol specific to each component (litterfall, 
soil respiration, environmental variables) which is 
detailed in the subsections below and in S5 (methods 
and results for environmental parameters). Measure-
ments started in May 2014 and ended in July 2018 
with lags between sites due to research permission 
procurement, among other factors. Annual results 
were computed for the periods April 2015–March 
2016 (Y1), April 2016–March 2017 (Y2), and April 
2017–March 2018 (Y3) when monitoring overlapped 
across sites (S4).

(5)
Peat C budget = Peat CO2-C budget + soil CH4-C

Litterfall and litter decomposition

We monitored small- and large-size litterfall. Small-
size litter included leaves, reproductive parts, and 
fine twigs; large-size litter encompassed M. flexuosa 
fronds, trunks, and tree branches. Large-size litter-
fall was measured bimonthly from June 2016 (S4) in 
one 5 × 5 m quadrant per section for a total of three 
site-replicates. The quadrant was cleared of debris 
at the onset of the experiment and upon each lit-
ter collection. The litter was weighed in  situ and its 
dry mass was computed from the dry-to-wet ratio of 
one sample per component (M. flexuosa frond, trunk, 
and tree branch) dried at 60  °C to constant mass at 
each sampling time. Small-size litterfall was moni-
tored monthly starting July 2014 (S4) in triplicate 
and quadruplicate litter traps per plot at the Intact and 
degraded sites, respectively, for a total of 27 and 36 
replicates at the same sites. Small-size litterfall was 
captured in 0.09  m2 traps installed randomly about 
1  m above the soil. Upon collection, litter samples 
were oven-dried at 60 °C to constant mass, weighed, 
milled and homogenized. The C content of the tree 
leaf and branch, and M. flexuosa frond was measured 
from triplicate samples per site by the induction fur-
nace method (Costech EA C–N Analyzer). The C 
concentration of M. flexuosa trunks was assumed to 
be similar to that of tree branches. Annual litterfall 
rates were computed by annualizing (bi)monthly aver-
age rates and were site-scaled using the proportional 
density of live trees and live M. flexuosa relative to 
their density at the Intact site (Table  S6A). These 
densities were obtained from a vegetation inventory 
which methods and results are presented in S6.

Litter decomposition was studied over 1.5  years 
(July 2015–January 2017) using triplicate litter bag 
per section for a total of nine replicates per site and 
sampling time. Undecomposed leaves undifferenti-
ated by species were randomly collected from freshly 
fallen litter on the forest floor, and moist samples of 
a 3 g dry mass equivalent were placed in 15 × 15 cm 
decomposition bags constructed of fiberglass mesh 
(openings 0.75 × 0.75  mm). At each site, 72 bags 
were randomly installed on the soil surface and nine 
bags were collected 12, 41, 73, 110, 189, 272, 460 
and 560 days later. Upon collection bags were gently 
rinsed with distilled water, oven dried at 60 °C to con-
stant mass, and weighted. The rate of decomposition 
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was determined by regression analysis of the remain-
ing dry mass against time:

where  Yt/Y0 is the percentage ratio of remaining dry 
mass at time t (days) to initial dry mass  Y0 and k is 
the decay rate constant  (day−1).

Soil respiration

We measured total soil respiration (Rs) and het-
erotrophic soil respiration (Rh) in, respectively, 
an untrenched treatment and a trenched treatment 
established in each plot (Fig.  1c). For both treat-
ments, we used a stratified sampling design that 
accounted for M. flexuosa palm status (live and cut) 
and soil microtopography (hummock and hollow). 
Given the absence of degradation at the Intact site, 
soil respiration was monitored only around live M. 
flexuosa palms. At the degraded sites, Rh measure-
ments around cut palms were expected to capture 
the decomposition of dead thick roots of M. flexu-
osa stumps in addition to the decomposition of above 
ground litter and soil organic matter (SOM).

Inside the 2.5 × 2.5 m subplots that included either 
a standing live palm or a cut palm sampling in hum-
mocks was performed < 0.5  m away from the palm 
trunk in the main rooting zone and sampling in hol-
lows was conducted > 1.5  m from the same trunk 
outside the main rooting zone. In the trenched treat-
ment, trenches were cut to 1.5 m deep and 0.5 m wide 
around a subplot of 2 × 2 m. Preliminary soil coring 
showed that roots beyond 1.5 m depth were minimal. 
To prevent roots from growing into the trenches, the 
inner walls of the trenches were covered with six lay-
ers of construction plastic and backfilled. Recruit-
ment of new vegetation in the quadrant was prevented 
through monthly seedling removal. When the experi-
ment was uninstalled in August 2018 no live roots 
were found inside the trenched quadrants.

Soil respiration was measured monthly from May 
2014 (S4) using the dynamic closed chamber method. 
We used a portable infrared gas analyzer (EGM-4, PP 
systems, USA) connected to a soil respiration cham-
ber (SRC-1) (PP System, Amesburry, USA). The 
analyzer was equipped with a drierite filter (≥ 98% 
 CaSO4 and ≤ 2%  CoCl2) to reduce the air humid-
ity. The chamber was placed on top of opaque PVC 

(6)Yt∕ Y0 = exp(−kt)

collars (10 cm diameter, 10 cm height) that had been 
permanently installed 3–5 cm into the soil one month 
before starting the measurements. Collars were manu-
ally fanned before closure and the  CO2 concentra-
tion was recorded automatically every 4.8 s for about 
2–3 min following closing. The  CO2 flux was calcu-
lated from the linear increase of the concentration 
over time. Boardwalks were constructed at the onset 
of the experiment to access sampling points without 
creating disturbance.

Monthly average Rs and Rh rates per palm status 
(live or cut) and microtopography (hummock and hol-
low) were calculated from the nine replicate plots per 
site. Soil respiration was not measured between April 
and June 2015 due to flooding caused by the 2015 El 
Niño event, and in August 2015, March 2016, May 
2017 and August 2017 due to logistical problems. 
Corresponding missing Rs rates were imputed with 
values estimated from linear regressions between Rs 
rates measured with the infrared gas analyzer and Rs 
rates measured by gas chromatography [concomi-
tantly with  CH4 and  N2O fluxes as described in the 
paper by Hergoualc’h et al. (2020)] (S7).

Annual respiration rates were computed by linear 
interpolation (or trapezoidal integration) between 
measurement dates and were site-scaled considering 
the relative proportions of hummocks and hollows 
around live and cut palms (Table S6B). Soil respira-
tion around trees which did not form hummocks was 
not monitored and was assumed to be similar to soil 
respiration in hollows around palms.

Statistics

Statistical analysis was performed using R software 
(Core Team R 2017) and PRIMER v7 (Anderson 
2017) for soil respiration, and IBM SPSS Statistics 
for Windows 25.0 (IBM Corp. 2017) for all other 
analysis, setting a statistical significance level at 5%. 
The potential effects of disturbance level (i.e., site: 
Intact, mDeg and hDeg), status (live vs. cut palm), 
microtopography (hummock vs. hollow), and tempo-
ral variability (40 months; i.e., the overlapping period 
across sites) on Rh and Rs were examined using a 
mixed-effects ANOVA model with four factors. Sam-
pling month was treated as a random factor while 
disturbance level, status, and microtopography were 
treated as fixed effects. The design was asymmetric 
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because not all status levels were present at all sites 
(specifically, there were no cut palms at the Intact 
site), and it was unbalanced because not all combina-
tions of treatments had nine replicates per sampling 
month (due to missing data). Considering these limi-
tations, adequate degrees of freedom, mean squares, 
and F-ratio were calculated using the PERMANOVA 
routine in PRIMER v7. Even though this method was 
specifically designed for multivariate data, it can be 
used for univariate data using Euclidean distance 
(Anderson 2017). Its advantage is that it properly 
handles asymmetrical and unbalanced designs. In 
addition, as residuals were generally not normally dis-
tributed, the ANOVA using the traditional tabulated F 
values would have been inappropriate. Therefore, the 
probability associated to each empirical F-ratio was 
estimated using 9999 permutations of the residuals 
under the reduced null model. Normality of residu-
als was tested using the Shapiro Wilk test, and visual 
interpretation of Q-Q plots; the homogeneity of vari-
ances was verified using the Levene’s test.

The non-parametric Wilcoxon and Kruskal–Wal-
lis tests were used for, respectively, single and multi-
comparison of litterfall and litter decomposition data 
given the non-normal distribution of their residuals.

Relationships between respiration rates, litter-
fall rates and environmental variables were exam-
ined with linear and non-linear, simple and multiple 
regression analysis using the entire dataset (May 
2014–July 2018). To identify the best predictors of 
soil respiration along the forest complex, we tested 
relationships using monthly averages from all sites 
and binned them into classes for the independent var-
iables (e.g. 10 cm WT, 10% WFPS). We also assessed 
relationships between the three-year mean annual 
soil heterotrophic respiration rates and soil properties 
(Table  S2) considering the microtopography around 
live palms. Respiration rates around cut palms were 
not included in this assessment since soil samples 
were collected around live palms.

The Gaussian error propagation method was used 
for propagating uncertainties of monthly averages 
and computing the standard error of annual rates. 
This method is suitable for step‐by‐step calculations 
intended to compute ecological quantities that are 
expressed as an analytical equation using addition, 
subtraction, multiplication and division, such as C 
stocks or fluxes (Lo 2005). Site-scale annual or aver-
age values and peat  CO2–C and C budgets ± standard 

error which did not overlap were considered signifi-
cantly different between sites/years. Results are pre-
sented as mean or cumulative values ± standard error.

Results

Litterfall and litter decomposition

Tree leaf litterfall ranged from a low 0.09 to a high 
1.14  Mg C  ha−1   month−1 and was the dominant 
component of litterfall (Fig.  2a). Following the El 
Niño flooding that took place from April to June 
2015, a significant amount of tree leaves fell at the 
Intact and mDeg sites. High peaks in leaf fall also 
occurred at the three sites between November 2015 
and May 2016. M. flexuosa frond- and tree branch-
fall varied in a narrow range (from 0.00 to 0.24 Mg 
C  ha−1  month−1) with no specific temporal trend. The 
fall of palm trunk only occurred at the hDeg site in 
the months of August 2016 and June 2017 and rep-
resented very low C inputs (0.04 and 0.05  Mg C 
 ha−1   month−1, respectively). Monthly tree leaf litter-
fall was not correlated with either the precipitation 
rate or the WT level of the month or of the preceding 
month.

Site-scale tree leaf litterfall was higher in year 
1 than in year 3 (P = 0.036, 0.010, and 0.018 at the 
Intact, mDeg, and hDeg sites, respectively) (Fig. 2b) 
and tended to increase with higher precipitation (S8). 
Site-scale large-size litterfall (tree branch, M. flexuosa 
frond and trunk) was similar in year 2 and year 3 at 
all sites (P > 0.307). Every year and over the 3 years, 
site-scale litterfall was lower at the hDeg site than at 
the Intact and mDeg sites.

Leaf decomposition in  situ was fast with only 
24.8 ± 2.3% of mass remaining after 560  days on 
average (Fig. S9). According to the exponential decay 
rate models, the half-life of the litter was 242, 196, 
and 301  days at the Intact, mDeg, and hDeg sites, 
respectively. Mean leaf decay was faster at the mDeg 
site (k = 0.0032 ± 0.0002  day−1) than at the Intact 
site (k = 0.0027 ± 0.0002  day−1) and at the hDeg site 
(k = 0.0021 ± 0.0002  day−1) (P < 0.0001).

Soil respiration

Monthly average Rs rates fluctuated over a wide 
range (7.5 to 124.5  kg C  ha−1  day−1) with no 
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distinctive common pattern across sites (Fig.  3a). 
The rates decreased exponentially with increasing 
WFPS (Fig. 4a) and decreased linearly with increas-
ing WT (Fig.  4b). Annual Rs rates were the lowest 
in year 2 (Fig.  3a) and were higher in hummocks 
than in hollows across the 3  years (Fig.  3b). In all 
years, annual Rs rates varied among sites in the order 
Intact > hDeg > mDeg (Fig. 3a).

Monthly average Rh rates varied between 3.6 and 
78.3 kg C  ha−1  day−1 with no common temporal trend 
across sites (Fig.  3c) and decreased linearly as the 
WFPS rose (Fig. 4c). Annual Rh rates were higher in 
year 3 than in year 1 at all sites (Fig.  3c) and were 
similar among microtopographies across the 3 years 
(Fig. 3d). At the degraded sites, annual Rh rates over 
the 3 years were generally higher around live palms 
than around cut palms, at a same microtopography 
(Fig. 3d). They were higher at the hDeg site than at 

the other two sites (Fig. 3d). Around live palms, they 
decreased significantly with increasing peat C:N 
ratio, C content (Fig. 4d),  NH4

+ concentration and P 
content (Fig. 4e) and increased as peat Ca content got 
higher (Fig. 4f). Finally, the Rh to Rs ratio was sig-
nificantly higher at the mDeg (0.94 ± 0.06) and hDeg 
sites (0.87 ± 0.05) than at the Intact site (0.54 ± 0.04) 
(P < 0.0001).

Peat  CO2–C and C budget and C emissions from 
degradation

At all sites, C outputs from the soil occurred largely 
through heterotrophic respiration while C inputs were 
predominantly organic matter from aboveground 
litterfall (Table  1). The peat C budgets were simi-
lar to the peat  CO2–C budgets due to minimal soil 
 CH4 emissions as compared to most other  CO2–C 

Fig. 2  (Bi)monthly (a, 
stacked values) and annual 
(b) average litterfall rates 
at the Intact, moderately 
degraded (mDeg), and 
heavily degraded (hD) sites. 
Error bars are SE. Site-scale 
annual rates are presented 
for tree leaf, other litter and 
in total in Y1 (April 2015–
March 2016), Y2 (April 
2016–March 2017), Y3 
(April 2017–March 2018). 
Differences in litterfall 
between years within a site 
are indicated by uppercase 
letters. Differences between 
sites within a year or for 
the 3-year annual mean 
(3-Y mean) are indicated by 
lowercase letter

0
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fluxes. These budgets indicate that medium degrada-
tion reduced by 88% the C sink capacity of the soil 
(from − 1.6 ± 1.3 Mg C  ha−1  year−1 at the Intact site 
to − 0.2 ± 0.8  Mg C  ha−1  year−1 at the mDeg site) 
and high degradation turned the soil into a high net C 
source (6.2 ± 0.7 Mg C  ha−1  year−1 at the hDeg site). 
Our estimates suggests that over the 5-year obser-
vation period (2010–2015), the peat C stock gained 
7.9 ± 3.3 and 6.0 ± 2.9  Mg C  ha−1 at the Intact and 
mDeg sites, respectively, resulting in a net loss of 
1.9 ± 4.4  Mg C  ha−1 following medium degradation 
(Table  1). Over the same period, the net loss from 
high degradation amounted to 17.8 ± 4.3 Mg C  ha−1.

Peat and aboveground biomass C stock losses 
(Table  1) resulted in an average net loss rate of 
6.4 ± 3.8 and 15.7 ± 3.8 Mg C  ha−1  year−1 for medium 
and high degradation, respectively. Ecosystem losses 
stemmed essentially from AGB stock changes but the 
contribution of the peat to the total increased with 
degradation intensity from 6% at the mDeg site to 
23% at the hDeg site.

Discussion

Spatio-temporal variation and controls of the 
components of the peat C budget (litterfall, soil 
heterotrophic respiration) along the degradation 
gradient

Plant litter is the primary source of peat and its slow 
decomposition rate is fundamental for peat accumu-
lation (Chimner and Ewel 2005; Laiho 2006). We 
found that tree leaves contributed the main propor-
tion of total litterfall (75–83%) in agreement with 
observations in tropical evergreen forests (Zhang 
et al. 2014) and in peat swamp forests of Micronesia 
(Chimner and Ewel 2005). Litterfall did not follow a 
clear temporal pattern probably due to the low intra-
annual climate seasonality at the sites, which cor-
roborates similar findings by Ong et  al. (2015) in a 
Malaysian peat swamp forest with a relatively asea-
sonal climate. Notwithstanding, inter-annual variabil-
ity was important with notably high tree leaf fall rates 
in year 1 (Fig.  2b) induced by the El Niño-related 
flooding from April to June 2015 and subsequent 

Fig. 3  Monthly mean and annual soil respiration (Rs) rates (a) 
and soil heterotrophic respiration (Rh) rates (c) at the Intact, 
moderately (mDeg) and heavily (hDeg) degraded sites. Error 
bars are SE. Monthly means are presented per palm status and 
spatial position (n = 9). Site-scale annual rates are cumula-
tive values in Y1 (April 2015–March 2016), Y2 (April 2016–
March 2017) and Y3 (April 2017–March 2018). Three-year 
annual Rs means (b) and Rh means (d) are presented per palm 

status and spatial position and at site-scale. Lower case letters 
indicate significant differences between sites. Numbers indi-
cate significant differences between years within a site. Capital 
letters indicate significant differences between microtopog-
raphies within a site. Greek letters indicate significant differ-
ences between status (live, cut) within a microtopography at 
the degraded sites. No letters or numbers are displayed in the 
absence of a significant difference
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high precipitation rates that persisted until March 
2016 (Fig. S5A). Post-flooding litterfall peaks evi-
dence a dieback of woody tree leaves possibly caused 
by sustained stomatal closure and production of phy-
totoxic compounds during prolonged anoxic condi-
tions (Kozlowski 1997; Pezeshki 2001). The tendency 
towards higher annual tree leaf fall with increased 
annual precipitation (Fig. S8) concurs with findings 
by Tonin et al. (2017) of a positive and strong control 
of precipitation over plant litter dynamics in tropical 
forests of Brazil. According to the existing literature 
(Bhomia et al. 2019; Mishra et al. 2004), disturbance 
tends to reduce the structural and compositional 
complexity of forests which in turn affects the quan-
tity and quality of litterfall, among other ecosystem 
functions. Our results show that litterfall at the highly 
degraded site decreased by 56% as compared to the 
Intact site. This finding is consistent with general 
understanding on the impacts of forest degradation on 
plant productivity (e.g., Giweta 2020; Kerdraon et al. 
2020; Seta et  al. 2018) and is slightly higher than 
the 42% reduction observed in degraded peat swamp 

forests of Southeast Asia as compared to undegraded 
forests (Hergoualc’h and Verchot 2014). In terms of 
magnitude, the 3-year average total litterfall at the 
Intact site (5.2 ± 0.9 Mg C  ha−1  year−1) is within the 
range assessed for Southeast Asian undisturbed peat 
forests (7.4 ± 0.7 Mg C  ha−1  year−1; Hergoualc’h and 
Verchot 2014) and for flooded forests of South Amer-
ica after correction for large branch fall inclusion 
(4.5 ± 0.7 Mg C  ha−1  year−1 without large branch fall; 
Chave et  al. 2010). Our values, however, are higher 
than those reported for preserved and degraded palm 
swamps of the Cerrado in the Southeast of Brazil (2.8 
to 3.8 Mg dry matter  ha−1  year−1) (Sales et al. 2020) 
which can be explained by the low tree cover of these 
swamps (5–10%; Gonçalves et al. 2021).

Leaf litter decomposition was the fastest at the 
moderately degraded site and the slowest at the 
heavily degraded site (Fig. S9). Since lower C:N 
ratios usually favor litter decomposition (Krishna 
and Mohan 2017) and leaf litter C:N ratio declined 
along the degradation gradient (33.9 ± 0.2, 32.1 ± 0.1 
and 25.6 ± 3.3 at the Intact, mDeg, and hDeg sites, 

Fig. 4  Relationship between monthly average (Rs) rates and 
the soil water-filled pore space (WFPS) (a) and water table 
level (WT) (b), and monthly average (Rh) rates and the soil 
water-filled pore space (WFPS) (c). Relationships between 
3-year annual mean soil heterotrophic respiration (Rh) and 
mean soil properties of hummocks and hollows with live 
palms at the Intact, moderately degraded (mDeg), and heavily 

degraded (hDeg) sites (d–f). Monthly emissions were binned 
into 10% WFPS and 10  cm WT intervals, disaggregated by 
site (bubbles) and all sites combined (black dots). Bars are SE 
and the size of the bubbles is relative to the sample size. Mod-
els between monthly respiration rates from all sites or 3-year 
annual mean Rh rates and variables (dashed black or grey lines 
and plain black lines) are presented
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respectively) presumably due to floristic changes 
associated with perturbations (Bhomia et  al. 2019), 
we expected faster decay rates with increasing deg-
radation. To understand the trend observed across 
sites, further analysis of litter chemistry (e.g., cal-
cium, magnesium, phosphorus, and potassium) and 
soil biota would need to be investigated given the 
important role these factors play in regulating leaf 
decomposition rates in tropical forests (Wieder et al. 
2009; Waring 2012). Leaf litter decomposition rates 
at the sites (0.77 to 1.17  year−1) are in the range of 
global values estimated for rain forests and swamps 
(1.3 and 0.9  year−1, respectively; Zhang et al. 2008) 
but slightly higher than rates measured in peat for-
ests of Panama (0.60–0.83  year−1; Hoyos-Santillan 
et  al. 2015) or in palm swamp peatlands of Brazil 
(0.41–0.60  year−1; Sales et al. 2020). Fine root litter 
at the sites decomposed twice as slowly as leaf litter, 
with rates between 0.35 and 0.55  year−1 (Dezzeo et al. 
2021), confirming the importance of belowground 

litter relative to aboveground litter inputs for peat 
accumulation in tropical systems (Chimner and Ewel 
2005; Hoyos-Santillan et al. 2015).

As found in peat swamp forests of Indonesia 
(Jauhiainen et al. 2005; Swails et al. 2019), total soil 
respiration (Rs) was greater in hummocks than in 
hollows (Fig. 3b) which is consistent with the lower 
WT and higher root density of hummocks versus 
hollows; conditions which promote both autotrophic 
and heterotrophic soil respiration. Rs rates fluctu-
ated over a wide range (Fig.  3a) and remained high 
(⁓ 20  kg C  ha−1  day−1) in waterlogged conditions 
(Fig.  4b), potentially owing to oxygen availability 
for respiration via diffusion through the water col-
umn (Blagodatsky and Smith 2012) and respiration 
by aerating roots (pneumatophores) which are dense 
in these forests (van Lent et  al. 2019). Pneumato-
phores facilitates aeration necessary for a variety of 
essential plant functions including root respiration 
(Colmer and Voesenek 2009). The highest Rs rate at 

Table 1  Peat  CO2–C and peat C budget at the Intact, moderately degraded (mDeg) and heavily degraded (hDeg) sites and ecosystem 
C loss resulting from degradation over the period 2010–2015

A negative value represents an uptake of C. The peat  CO2–C budget results from the difference of soil C outputs and C inputs in year 
2 (April 2016–March 2017) when all fluxes were monitored concomitantly. The peat C budget includes  CH4–C emissions measured 
in year 2. Ecosystem loss from the peat and aboveground biomass (AGB) was computed as the difference of stock between the Intact 
site and the degraded sites. Values are average ± standard error
# C outputs from heterotrophic respiration (Rh) are from this study, loss as dissolved organic carbon (DOC) is the default IPCC value 
(Drösler et al. 2014). C inputs from litterfall are from this research, inputs from root mortality are also site-specific (Dezzeo et al. 
2021). The soil  CH4 emission was measured at the sites (Hergoualc’h et al. 2020)
$ Peat C stock gained/lost per site are presented in SI2 and ABG was measured by Bhomia et al. (2019) in 2015. Low case letters 
indicate significant differences between sites. No letters are displayed in the absence of a significant difference

Intact mDeg hDeg | Intact-mDeg | | Intact-hDeg |
# Carbon fluxes (Mg C  ha−1   year−1)

Soil C outputs
 Rh 5.9a ± 0.3 6.2a ± 0.3 9.0b ± 0.3
 DOC 0.6 ± 0.0 0.6 ± 0.0 0.6 ± 0.0

Soil C inputs
 Litterfall 4.9b ± 0.1 5.1b ± 0.0 2.0a ± 0.0
 Root mortality 3.4 ± 1.3 2.0 ± 0.8 1.5 ± 0.7

Peat  CO2–C  budget  − 1.8a ± 1.3  − 0.3a ± 0.8 6.0b ± 0.7
Soil  CH4 emission 0.21c ± 0.01 0.11a ± 0.02 0.18b ± 0.02
Peat C budget  − 1.6a ± 1.3  − 0.2a ± 0.8 6.2b ± 0.7
$C stocks or stock changes (Mg C  ha−1)

Peat stock gained/lost (5  
 year−1)

 − 7.9 ± 3.3  − 6.0 ± 2.9 9.9 ± 2.8 1.9 ± 4.4 17.8 ± 4.3

AGB stock 97.7 ± 15.0 67.6 ± 11.2 36.8 ± 10.5 30.1 ± 18.7 60.9 ± 18.3
Ecosystem loss 32.0 ± 19.2 78.7 ± 18.8
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the Intact site (Fig. 4b) was driven by its much larger 
autotrophic respiration than in degraded conditions 
(5.1 ± 1.2 vs. 0.4 ± 0.9 Mg C  ha−1  year−1 at the Intact 
and degraded sites, respectively). Factors underlying 
such a difference include degradation-driven modi-
fications of the soil-vegetation complex notably a 
reduction under degraded conditions of the size and 
relative area of hummocks (Table S6B) and of pneu-
matophore density (5.6 ± 1.2, 1.9 ± 0.6, 0.3 ± 0.2 
pneumatophores  dm−2 at the Intact, mDeg, and hDeg 
sites, respectively; van Lent et  al. 2019). Across 
sites, we observed an exponential decay relationship 
between Rs and soil moisture (Fig.  4a) which has 
been detected in other forests (Bowden et  al. 2004) 
but was found to be weak in Indonesian peat swamp 
forests (Hergoualc’h et  al. 2017a, b; Ishikura et  al. 
2017). Furthermore, the linear decrease in Rs rates 
as the WT level rises (Fig. 4b) is a trend which mir-
ror that of previous studies conducted in Indonesian 
peat swamp forests of Sumatra (Comeau et al. 2013) 
and Kalimantan (Hergoualc’h et  al. 2017b; Swails 
et al. 2019). The 3-year annual average Rs rates at the 
sites (6.5–12.6 Mg C  ha−1  year−1, Fig. 3b) are higher 
than values measured in Panamanian peat forests 
(4.7–6.1 Mg C  ha−1  year−1; Wright et  al. 2013) and 
on the lower end of the average for undisturbed peat 
swamp forests of Southeast Asia (12.9 ± 2.1  Mg C 
 ha−1  year−1; Hergoualc’h and Verchot 2014).

In contrast with Rs, soil heterotrophic respiration 
(Rh) rates were similar at both microtopographies 
(Fig.  3d), as also found in an Indonesian pristine 
peat forest (Hergoualc’h et al. 2017b). The contrast-
ing moisture levels between microtopographies (Fig. 
S5C, D) were expected to drive larger emissions in 
hummocks than in hollows but this effect may have 
been cancelled out by other differences influencing 
organic matter decomposition such as for instance 
the soil C:N ratio which tended to be higher in hum-
mocks than in hollows (Fig.  4d). Across sites, soil 
heterotrophic respiration decreased linearly as the 
WFPS increased (Fig. 4c), in contrast with the poly-
nomial trend with a maximum Rh around 60–70% 
WFPS determined from controlled in vitro conditions 
(van Lent et  al. 2019), as also observed elsewhere 
(Husen et  al. 2014; Linn and Doran 1984). While 
in  situ and ex situ results agree on decreased Rh 
rates as the WFPS increases above 60%, below this 
threshold which was rare in situ (7% of observations, 
Fig. 4c) other factors may have constrained in situ Rh 

rates such as for instance substrate availability. Micro-
bial decomposition is largely limited by the supply 
of labile substrate from new detritus (Ryan and Law 
2005) and soil moisture can have indirect effects on 
substrate diffusion and availability (Davidson et  al. 
2006). Concerning degradation, while medium deg-
radation did not meaningfully alter Rh rates, heavy 
degradation increased the annual average rate by 
28% compared to the Intact site (Fig.  3d). Soil het-
erotrophic respiration stems from the decomposition 
of litter inputs and soil organic matter (SOM), though 
given the lower litter inputs (Table 1) and slower lit-
ter decomposition rates (Fig. S9) at the hDeg site than 
in intact conditions, enhanced SOM decomposition is 
likely to have contributed the most to the difference 
in Rh rates among sites. The relationships showing a 
shift from the heavily degraded site to the other sites 
of reduced Rh rate as the peat C:N ratio, C content, 
and P content increased and as the peat Ca content 
declined (Fig. 4d–f) support this hypothesis. Further-
more, these factors have been identified elsewhere as 
indicators of degradation with lower peat C concen-
tration, C:N ratio, P content and higher Ca content 
associated with a higher degree of peat decomposi-
tion and mineralization of SOM (Jordan et al. 2007; 
Könönen et  al. 2015; Säurich et  al. 2017; Leifield 
et  al. 2020). At the degraded sites, the higher mean 
annual Rh rates around live palms than around cut 
palms (Fig.  3d) suggest a greatest decomposition 
of recent SOM and litter than of older ones. This 
implies that the thick roots of stumps had already 
partially decomposed when measurements were per-
formed and is evidenced by the difference in hum-
mock size between live and cut palms, with a 25–36% 
smaller hummock area around stumps as compared 
to hummocks surrounding live palms (Table  S6B). 
In terms of magnitude, annual average Rh rates at 
the Intact and mDeg sites (7.5 ± 1.1 and 6.1 ± 0.5 Mg 
C  ha−1  year−1, respectively) were close to the mean 
for Southeast Asian pristine peat swamp forests 
(6.9 ± 1.1; Hergoualc’h and Verchot 2014) while the 
rate at the hDeg site (9.6 ± 0.6 Mg C  ha−1  year−1) was 
comparable to the mean for Southeast Asian degraded 
forested peatlands (logged, drained or affected by 
fire) of 9.5 ± 1.1 Mg C  ha−1  year−1 (Hergoualc’h and 
Verchot 2014) and to the rate in an Indonesian und-
rained secondary forest (8.2 ± 0.7; Swails et al. 2021). 
It is worthwhile noting that the increase in Rh from 
Intact to highly degraded conditions was similar to 
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estimates for the conversion of primary forest to 
undrained secondary forest including intermediary 
phases of slash-and-burn and crop cultivation (Swails 
et al. 2021) and following primary forest conversion 
to drained degraded forest (Hergoualc’h and Verchot 
2014) in Southeast Asia.

Impact of forest degradation on the peat  CO2–C and 
C budget and ecosystem C stock losses

Our research produced the first peat  CO2–C and C 
budgets for undrained peat forests of Latin America 
and for undrained degraded forests in the tropics. 
Limitations of these estimates include their lack of 
spatiotemporal representativeness since they were 
based on a single year (when all fluxes were concomi-
tantly monitored) at three sites. They were also com-
puted with the assumptions of similar DOC losses 
regardless of degradation and of similar heterotrophic 
soil respiration rates of trees and hollows around 
palms. Since DOC concentrations are predominantly 
controlled by litter C mass and decomposition rate 
(Zhou et  al. 2015), they could have differed accord-
ing to degradation level. Likewise, and despite the 
absence of artificial drainage, the annual discharge 
may have varied among sites. The bias on the peat C 
budgets from using a single default value is however 
minor since the order of typical natural fluxes in und-
rained tropical peatlands (0.5–0.6 Mg C  ha−1  year−1; 
Drösler et al. 2014) is within the uncertainty of single 
components of the carbon budget (Table 1). Soil res-
piration of trees was monitored at the Intact site and 
rates were comparable to soil respiration in hollows 
surrounding palms [see Table 5.4 in the thesis by van 
Lent (2020)]. Even though these results included both 
autotrophic and heterotrophic respiration, they sug-
gest minimal impact on site-scale Rh rates.

The  CO2–C sink capacity of the soil in undegraded 
conditions (-1.8 ± 1.3  Mg C  ha−1  year−1) is remark-
ably close to the average for Southeast Asian intact 
peat swamp forests (− 1.4 ± 1.8  Mg C  ha−1  year−1; 
Hergoualc’h and Verchot 2014) while the C sink 
capacity (-1.6 ± 1.3  Mg C  ha−1  year−1) is about two 
times the long-term accumulation rate (− 0.74 Mg C 
 ha−1  year−1) estimated for the same site (Lähteenoja 
et  al. 2009a). The latter reflects C accumulation in 
peat layers below a 170 cm depth since radiocarbon 
dating calibration of recent superficial layers is uncer-
tain. Our measurements on the other hand represent 

an accumulation rate in the top layer and over a short 
period. The soil at the medium degradation site was 
neither a sink nor a source (− 0.2 ± 0.8  Mg C  ha−1 
 year−1) with a rate similar to the long-term accumula-
tion estimate by Lähteenoja et al. (2009a) (− 0.4 Mg 
C  ha−1  year−1) at a Peruvian Amazonian open herba-
ceous peatland where M. flexuosa is naturally scarce. 
Finally, the high peat  CO2–C loss rate at the heavily 
degraded site (6.0 ± 0.7  Mg C  ha−1  year−1) is com-
parable with the average for Southeast Asian drained 
degraded peat swamp forests (5.3 ± 1.6  Mg C  ha−1 
 year−1; Hergoualc’h and Verchot 2014) and four 
times higher than the value reported for an Indone-
sian undrained secondary forest (1.4 ± 1.2 Mg C  ha−1 
 year−1; Swails et al. 2021). The simultaneous C inputs 
reduction and heterotrophic soil respiration increase 
caused by heavy degradation was more important 
than observations in Southeast Asia after forest drain-
age and degradation (Hergoualc’h and Verchot 2014) 
or after 30  years of forest regrowth following clear-
ance (Swails et  al. 2021). The rapidity and intensity 
of degradation have prompted drastic changes which 
magnitude and constancy in time should be moni-
tored elsewhere. While this paper focused on the peat 
 CO2–C and C budgets, assessing the impact of all 
GHG is critical to understand implications on climate 
change. We found no site-scale impact of degradation 
on soil  CH4 and  N2O emissions (Hergoualc’h et  al. 
2020) and peat GHG budgets in Y2 (S10) indicate 
that the peat at the degraded sites was a net source of 
GHG. At the Intact site, the peat was neither a source 
nor a sink and ecosystem level  CO2 and  CH4 fluxes 
from 2019 (Griffis et al. 2020) combined with Y2 soil 
 N2O emissions suggest that the forest is a GHG sink.

Destructive harvesting of forest resources at the 
degraded sites reduced the density of palms and trees 
(Table  S6A). The drastic decrease in M. flexuosa 
palms at the hDeg site (81% less than the Intact site) 
confirms results by Hergoualc’h et al. (2017a) (89%) 
and Bhomia et  al. (2019) (94%) elsewhere in the 
Pastaza-Marañón basin. The 31% and 62% biomass C 
stock depletion under medium and high degradation 
are more important than reductions observed in Peru-
vian palm swamps (11% and 17% for the same levels 
of degradation; Hergoualc’h et al. 2017a) but similar 
in magnitude to forest degradation impacts follow-
ing logging activities and large-scale tree removal 
in Colombia (reduction of initial biomass C stock 
by 35% and 62% for moderate to high and severe 
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degradation; Meyer et  al. 2019). However, there is 
very limited research on degradation of the same 
nature to compare with, degradation levels depend to 
a great extent on the intensity and frequency of dis-
turbances, and the classification and evaluation of the 
degree of forest degradation relies on study-specific 
assessment methods (Vásquez-Grandón et  al. 2018). 
Developing guidelines for identifying degradation 
levels in palm swamp peatlands based on structural, 
compositional and regeneration criteria is a step 
required for further improvement of degradation 
evaluation.

Medium and high degradation resulted in ecosys-
tem C losses of 32 and 78.7 Mg C  ha−1 over 5 years, 
respectively (Table  1). While these losses are rel-
evant, they are lower than the 143.4 Mg C  ha−1 esti-
mate over 5  years due to the degradation of South-
east Asian peat swamp forests (biomass reduction 
of 116.9  Mg C  ha−1 according to Hergoualc’h and 
Verchot 2011, and peat emission of 26.5 Mg C  ha−1 
as per Hergoualc’h and Verchot 2014). Assessments 
over longer time periods are necessary to determine 
to which extent biomass stocks are further reduced 
depending on local practices and how these could 
affect peat C losses. Also, investigating the interan-
nual variability of peat C budgets would be needed 
to confirm the temporal trends hypothesized in this 
study.

Conclusion

While anthropogenic degradation in Amazonian 
palm swamp forests has been a common practice 
for decades (Dezzeo et  al. 2021; Horn et  al. 2012; 
Virapongse et  al. 2017), few studies have measured 
the implications on C cycling. Our results demon-
strate that recurrent M. flexuosa destructive harvest-
ing results in large biomass losses and turns the peat 
from a C sink into an important net source. Fluxes 
contributing to the peat C budget were more variable 
in time than in space and their temporal variability 
was closely related to moisture changes (precipita-
tion for litterfall, water-filled pore space for soil het-
erotrophic respiration). These fluxes were drastically 
altered in highly degraded conditions (Table 1), due 
to reduced standing biomass for litterfall, and to 
enhancement of soil organic matter decomposition 

for soil heterotrophic respiration. The emission fac-
tors produced in this study are essential for countries 
where such practices occur (e.g. Peru, Ecuador) to 
refine GHG estimates from forest degradation and to 
evaluate the potential for emission reduction through 
the implementation of mitigation measures. The later 
include the conservation and sustainable management 
of Amazonian peatlands dominated by M. flexuosa 
and the promotion of sustainable harvesting practices 
such as climbing instead of felling. This would not 
only maintain a sustainable population growth with 
sufficient recruitment of new seedlings, it would also 
protect the C stored in both the vegetation and the 
peat. Finally, our study highlights the urgent need to 
study the impact on GHG emissions of the degrada-
tion of tropical peat swamp forests beyond drainage, 
burning and conversion to other land uses as typically 
observed in Southeast Asia.
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