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HIGHLIGHTS GRAPHICAL ABSTRACT

We confirm a eucalypt population as
unique and restricted to a Pleistocene re-
fugium.

Dieback through two droughts removed
>40 % of individuals and biomass
Dieback occurred mostly in the most mar-
ginal sites after the first drought.

Heat stress was a key driver of dieback
after the second drought.

Ecosystem decline is ongoing, but the pop-
ulation may persist in microrefugia.

Collapsing stands:
Drought 1: marginal sites, sites with high solar radiation
Drought 2: sites with high solar radiation or heat stress
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ARTICLE INFO ABSTRACT
Editor: Manuel Esteban Lucas-Borja Refugia can facilitate the persistence of species under long-term environmental change, but it is not clear if Pleistocene
refugia will remain functional as anthropogenic climate change progresses. Dieback in populations restricted to refugia
Keywords: therefore raises concerns about their long-term persistence. Using repeat field surveys, we investigate dieback in an
QSPeCt isolated population of Eucalyptus macrorhyncha during two droughts and discuss prospects for its continued persistence
eatwayes . in a Pleistocene refugium. We first confirm that the Clare Valley in South Australia has constituted a long-term refu-
Population decline . . . . . . . .. o .
Regeneration gium for the species, with the population being genetically highly distinct from other conspecific populations. How-

Solar radiation ever, the population lost >40 % of individuals and biomass through the droughts, with mortality being just below
Tree mortality 20 % after the Millennium Drought (2000-2009) and almost 25 % after the Big Dry (2017-2019). The best predictors
of mortality differed after each drought. While north-facing aspect of a sampling location was significant positive pre-
dictor after both droughts, biomass density and slope were significant negative predictors only after the Millennium
Drought, and distance to the north-west corner of the population, which intercepts hot, dry winds, was a significant
positive predictor after the Big Dry only. This suggests that more marginal sites with low biomass and sites located
on flat plateaus were more vulnerable initially, but that heat-stress was an important driver of dieback during the
Big Dry. Therefore, the causative drivers of dieback may change during population decline. Regeneration occurred pre-
dominantly on southern and eastern aspects, which would receive the least solar radiation. While this refugial
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population is experiencing severe decline, some gullies with lower solar radiation appear to support relatively healthy,
regenerating stands of red stringybark, providing hope for persistence in small pockets. Monitoring and managing
these pockets during future droughts will be essential to ensure the persistence of this isolated and genetically unique

population.

1. Introduction

Large-scale, stand-level dieback of trees is a global phenomenon that is
intensifying under global change (George et al., 2022; Hammond et al.,
2022; Hartmann et al., 2022). Stand-level tree dieback refers to stands of
dead or dying trees, typically occurring in several locations in the landscape
(Mueller-Dombois, 1986). Various causes of stand-level dieback have been
proposed, including natural causes such as the collapse of dominant species
during successional processes, natural or climate-change-enhanced distur-
bances (such as droughts and heatwaves), introduced or native pathogens
or pests, and pollution (Mueller-Dombois, 1986; Wang et al., 2012). Fur-
thermore, anthropogenic impacts, such as landscape-scale habitat transfor-
mation and various forms of pollution, can create stress in trees, rendering
them more vulnerable to natural disturbances and pest species (Breshears
et al., 2005; Carnicer et al., 2011).

Droughts are increasing tree mortality globally and are a trigger for
stand-level dieback events (Choat et al., 2018; George et al., 2022;
Hartmann et al., 2022). The relationship between drought and mortality
is complex and influenced by various factors, including interactions
among stressors, inter- and intra-specific interactions, and fine-scale envi-
ronmental variation (Haberstroh and Werner, 2022; Trugman et al.,
2021). The latter often produces patchiness in drought-related dieback
(Evans and Lyons, 2013; Stephenson et al., 2018), with higher mortality
often found in water-limited sites, such as steeper and equator-facing slopes
and in shallow soils (Brouwers et al., 2013; Guarin and Taylor, 2005;
Stephenson et al., 2018). Furthermore, the relationship between water
availability and mortality is non-linear, meaning catastrophic hydraulic
failure may occur at certain thresholds (Brown et al., 2018; Choat et al.,
2018) that could be exceeded earlier in more vulnerable locations.

Anthropogenic climate change is causing warmer climates with more
extreme events worldwide (IPCC, 2021). Droughts are becoming more pro-
longed and hotter, a phenomenon that has been termed climate-change-
type droughts (Breshears et al., 2005; Carnicer et al., 2011), and are pre-
dicted to increase dieback in tree populations (Camarero et al., 2021). Med-
iterranean biomes are characterized by cold, wet winters and hot, dry
summers, with droughts, fires, and heat waves being relatively regular dis-
turbances (Cowling et al., 2005). They are predicted to experience large re-
ductions in precipitation and more intense disturbances (Tramblay et al.,
2020), and thus are considered particularly vulnerable to climate change
(Klausmeyer and Shaw, 2009; Yates et al., 2010). Although trees in these
ecosystems are adapted to fluctuations in temperature and extended
droughts, large-scale drought-related mortality is being increasingly re-
ported and there is concern for the persistence of many forests in Mediter-
ranean biomes (De Kauwe et al., 2020; Matusick et al., 2013; Sadnchez-
Salguero and Camarero, 2020).

Refugia are locations that are buffered to varying degrees from chang-
ing environmental conditions, providing a retreat for organisms during ad-
verse conditions and a springboard to recolonize the surrounding landscape
should the conditions there become suitable again (Keppel et al., 2012).
During the last glacial maximum (LGM) in the Pleistocene, such refugia
played a key role in retaining biodiversity and facilitating subsequent recol-
onization of landscapes (Byrne, 2008; Ordonez and Svenning, 2015; Smith
et al., 2022). While refugia are often characterized by high biodiversity
(Keppel et al., 2018), molecular approaches are required to conclusively
identify refugia and to determine whether they have persisted since the
Pleistocene (Byrne, 2008; Molina-Venegas et al., 2017).

The buffered environmental conditions characteristic of refugia may
arise due to their geographic location or topographic position. For example,

the Channel Islands of California are providing a safe haven from drought-
induced stress on the mainland (Ramirez et al., 2020) and karst depressions
offer conditions that facilitate the persistence of cold-adapted plants in the
warming landscapes of Central Europe (Batori et al., 2019). Hence, refugia
are potentially important for facilitating in situ survival and regeneration of
organisms under ongoing anthropogenic climate change (Keppel and
Wardell-Johnson, 2012; Morelli et al., 2020). However, refugia may not
be indefinite safe havens because of limits to the amount of environmental
change that they can buffer (Keppel et al., 2015). Furthermore, conditions
during past climate change, such as the LGM, differed from ongoing and
predicted climate change, potentially making populations in Pleistocene
refugia vulnerable to extinction (Jiménez-Alfaro et al., 2016; Keppel
etal., 2017).

Despite the potentially catastrophic impacts of stand-level dieback and
the limits of refugia to facilitating the persistence of biodiversity, our under-
standing about both remains limited. For the limits to refugial capacity, we
urgently need to understand how and when refugia cease to be safe havens
for biodiversity under climate change. For dieback events, we need better
data on the rates, drivers, and demographic variability of forest mortality
and regeneration (Hartmann et al., 2018; Shriver et al., 2022). However,
causes of dieback are often complex (Guerin et al., 2022; Trugman et al.,
2021) and the progression of dieback is difficult to document because of
a lack of long-term data (De Kauwe et al., 2020). This study investigates
the impact of successive droughts on the health and dynamics of a refugial
tree population,

We document the dieback over 15 years in an isolated population
of red stringybark (Eucalyptus macrorhyncha F.Muell. ex Benth. subsp.
macrorhyncha) in the Clare Valley of South Australia through two major
drought events, the Millennium Drought (2000-2009) and the Big Dry
(2017-2019). Monitoring >400 trees that were tagged within two years
of dieback being first reported, we investigate the progression and potential
drivers of the dieback through the two drought periods. In particular, we
ask 1) Does the population indeed constitute a refugium?, 2) What is the
current health status of the population?, 3) How do environmental vari-
ables relate to observed mortality after the two drought periods?

2. Materials and methods
2.1. Study species

The red stringybark is a tree with rough, grey bark that comes off in
strings. The species is widespread in south-east Australia with an outlying
population in South Australia restricted to the Clare Valley, over 500 km
west of its major distribution area (Fig. 1). Climatically, summer aridity
in the Clare Valley population is greater than in the more eastern popula-
tions (Fig. S1). Elevation in the Clare Valley mostly ranges between 400
and 570 m, with red stringybark being mostly restricted to shallow soils
at higher elevations on the western ridge, which intercepts weather systems
from the west (Boomsma, 1949). The species has medium to high suscepti-
bility to hydraulic failure (Li et al., 2019), especially in the northern parts of
its distribution (De Kauwe et al., 2022), and dieback has been observed
throughout the species' distribution (see Dead Tree Detective database:
https://biocollect.ala.org.au/acsa/project/index/77285a13-e231-49e8-
b212-660c66c74bac; accessed 11 November 2022). Red stringybark is rel-
atively slow growing (Blackman et al., 2019), typically single-stemmed
(Barker et al., 2016), and can reach 35 m in height (Brooker and Slee,
1996), although in South Australia it rarely exceeds 17 m (Barker et al.,
2016).


https://biocollect.ala.org.au/acsa/project/index/77285a13-e231-49e8-b212-660c66c74bac;
https://biocollect.ala.org.au/acsa/project/index/77285a13-e231-49e8-b212-660c66c74bac;
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Fig. 1. Distribution of the red stringybark, E. macrorhyncha, in Australia and the Clare Valley (inset) and climate anomalies in the town of Clare. A: Map of Australia (source:
Google Earth; data: SIO, NOAA, U.S. Navy, NGA, GEBCO; image: Landsat / Copernicus) with the location of major cities added. B: Distribution of red stringybark in Australia
with the outlying population in the Clare Valley north of Adelaide (red dot) based on records (blue dots) in the Atlas of Living Australia (https://www.ala.org.au/; accessed
29/3/2021 and filtered to spatial uncertainty within 1 km) with records that are doubtful or referring to trees in cultivation removed. C: Distribution of red stringybark in
Clare Valley (blue dots) based on the same source as for B and the location of the town of Clare, 7 km North of Spring Gully Conservation Park (SGCP). Boundaries of the
SGCP are delineated in orange. D: Anomalies in mean maximum temperature and mean rainfall 2002-2020 for Clare. Note the inverted y-axis for rainfall, with rainfall deficits
being shown above the y-axis. Anomalies were determined by comparing values over the last two decades (2000 —2020) with the average from 1960 to 1990. Data was ob-
tained for the Clare High School station (ID: 021131) and its predecessor, the Clare Post Office station (021014, years included: 1960-1994). Data Source: Bureau of Mete-
orology (http://www.bom.gov.au/climate/averages/tables/cw_021131.shtml; accessed 15 July 2022).

2.2. Study site

This study took place in Spring Gully Conservation Park (SGCP; 33°54”
40.32”S, 138°35’43.44”E; Fig. 1c) within the Clare Valley, a well-known
wine region that is on traditional Kaurna and Ngadjuri land. European set-
tlers undertook heavy logging and livestock grazing in this 400 ha reserve
before its establishment in 1961 to preserve the only population of red
stringybark in South Australia (DENR, 2010). Vegetation in the park is
mostly low open forest with monodominant red stringybark, and small
areas where the South Australian blue gum, Eucalyptus leucoxylon F.Muell.
subsp. pruinosa (F.Muell. ex Miq.) Boland (hereafter ‘blue gum’), and
drooping she-oak, Allocasuarina verticillata (Lam.) L.A.S.Johnson, are com-
mon. In the mid-stratum, Xanthorrhoea quadrangulata F.Muell., and Bursaria
spinosa Cav. subsp. spinosa are common. The ground stratum is varied and
often dominated by Hibbertia exutiacies N.A.Wakef. and Lissanthe strigosa
subsp. subulata (R.Br.) J.M.Powell, and mixed herbaceous species and
grasses (Guerin et al., 2014). The soils are acidic (pH = 5.3-5.8) and
non-calcareous (TERN, 2018).

The climate is Mediterranean, with hot, dry summers and cold, wet win-
ters (Fig. S2). Generally, winds from the north and west carry warmer, drier
air from arid landscapes, while winds from the south and east are cooler
and more likely to carry moisture {Al-Obaidi et al., 2021; Pezza et al.,

2012). The last two decades were warmer and drier than the average of
1960 to 1990, with warmer temperatures and lower precipitation during
the two climate-change-type droughts, the Millennium Drought and the
Big Dry (Fig. 1d). The Millennium Drought appears to have been shorter
in the Clare Valley than on the continental scale (2005-2009 versus
2001-2009). The three fires recorded in the park by the South Australian
Department for Environment and Water (DEW; http://spatialwebapps.
environment.sa.gov.au/firemaps/; accessed 12 October 2022) since 1931
only impacted the edges of the park and not the study sites (Fig. S3).
While red stringybark is known to be susceptible to Phytophthora cinnamomi
(Weste et al., 1973), this pathogen has not been reported north of Gawler, c.
90 km south of the study site (DEW, 2021).

2.3. Molecular analyses

Population samples of red stringybark were collected from SGCP and
from the broader range of the species (Fig. 2). Genomic DNA was extracted
from the silica dried samples by AgriTech-Intertek (https://www.intertek.
com/agriculture/agritech/) using sbeadex chemistry developed by LGC
Biosearch Technologies (http://info.biosearchtech.com/sbeadex-for-
agbio). DNA sequencing libraries were prepared in-house, using a hybrid
capture approach to target several low-copy nuclear gene regions


http://spatialwebapps.environment.sa.gov.au/firemaps/;
http://spatialwebapps.environment.sa.gov.au/firemaps/;
https://www.intertek.com/agriculture/agritech/
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http://info.biosearchtech.com/sbeadex-for-agbio
http://info.biosearchtech.com/sbeadex-for-agbio
https://www.ala.org.au/;
http://www.bom.gov.au/climate/averages/tables/cw_021131.shtml
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Fig. 2. Sampling locations and maximum clade credibility tree for red stringybark, E. macrorhyncha, populations inferred using the AIM model in *BEAST inferred from low
copy nuclear gene regions. Note that the ‘Spring Gully’ population is the focus of this study and was hypothesized to be relictual. Posterior probabilities =0.5 are indicated
adjacent to the branch and branch lengths (substitutions/site, scale bar indicated) are proportional to time. Blue bars indicate the variation in branch length estimates (95 %
highest posterior density) around that node. Nodes marked A and B are referred to in the discussion. The inset map shows the sampling locations and sample sizes (n). All
populations represent E. macrorhyncha subsp. macrorhyncha, with the exception of Baal Gap, NSW, which represents E. macrorhyncha subsp. cannonii (R.T.Baker) L.A.S.

Johnson & Blaxell.

(Table S1) with methods and protocols as outlined in Waycott et al. (2021).
The prepared libraries were sent to the Australian Genome Research Facil-
ity (AGRF) for Illumina paired-end (2 X 150) sequencing.

The pooled paired-end data were demultiplexed and quality trimmed
(Phred-score threshold of 20) using CLC Genomics Workbench v7.5.1
(https://www.qiagenbioinformatics.com). We used de novo assembly
(length and similarity fraction = 0.9) of pooled samples to generate a set
of reference contigs for the species. The de novo contigs were converted
to a BLAST database and we used reference genomic sequences in
Eucalyptus grandis (downloaded from Phytozome v 12.1, https://phytozome.
jgi.doe.gov\) as query sequences. The de novo contigs matching the
Eucalyptus genes were then used as a reference for each individual to generate
a per sample mapping for each locus. The resultant mapping files were
exported in BAM format and allele phasing was performed on the BAM
files using SAMTools Phase (Li et al., 2009). Consenus sequences were gener-
ated for each allele per locus and individual using a coverage cut-off of 10. Al-
lele sequences were imported into Geneious v1.11.5 (Kearse et al., 2012),
aligned using the MUSCLE (Edgar, 2004) plugin with default parameters
and each alignment was manually checked and adjusted.

We used the AIM (Approximate Isolation-with-Migration; Miiller et al.,
2021) model in * BEAST (Heled and Drummond, 2010) to infer phyloge-
netic relationships between sampled populations. This approach uses the
multi-species coalescent model (MSC; Heled and Drummond, 2010; Liu
et al., 2009) to infer a species tree while accounting for discordance
among gene trees due to incomplete lineage sorting. However, standard
implementations of the MSC assume complete isolation of lineage after
they have split, while ongoing gene flow can lead to biased estimates of
the evolutionary history of the species (Leaché et al., 2014). The AIM
model allows the inference of the species tree under the MSC while explic-
itly modeling gene flow between lineages (Miiller et al., 2021). For each

genetic region, we used the HKY + I + G model of sequence evolution
with empirical base frequencies and a strict molecular clock model that
were linked across gene regions and parameters of the AIM model (effective
population size and migration rate) were estimated from the data. Two in-
dependent analyses were conducted, each of 2.0 x 108 steps. Convergence
between analyses and the appropriate burn-in fraction were assessed using
Tracer v1.6.0 (Rambaut et al., 2015) and a summary tree was generated
using TreeAnnotator v2.5.1 (part of the *BEAST package).

2.4. 2009-2014 surveys

Because a sudden dieback of stringybark trees was observed in SGCP
from 2007 to 2008 (Clarke, 2021), DEW initiated a tree health monitoring
program in 2009, during which four north-south oriented transects were es-
tablished (Fig. S3). Each transect (between 1.2 and 1.8 km long) had sam-
pling sites every 50 m. At each sampling site, the four closest canopy
trees within a 10 m radius were marked with a permanent aluminum tag,
their location recorded with a handheld GPS (brand and model unknown),
and various measurements relating to their health status taken (see below).
In total, 471 trees were surveyed, 30 of which were blue gums and the
remainder were red stringybark.

Following the methods outlined by Souter et al. (2010), tree condition
assessment parameters were recorded by DEW staff during surveys of all
trees in January and February 2009, March 2010, November 2011, August
2012, November 2013, and September 2014. Parameters recorded in-
cluded tree status (dead/ alive), crown extent (percentage area of assess-
able crown with live leaves), and crown density (percentage of skylight
blocked by the leafy crown). Percentage values were recorded as eight cat-
egories: 0 (0 %), 1 (1-10 %), 2 (11-20 %), 3 (21-40 %), 4 (41-60 %), 5
(61-80 %), 6 (81-90 %), and 7 (91-100 %). The assessable crown was
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defined as consisting of all living and dead branches of the crown. Crown
extent and density are important indicators for water stress (e.g., drought,
root rot), as Eucalyptus trees tend to respond to water stress by reducing
leaf area — initially through reduced density and then reduced extent of
the crown, which reduces water demand and thermal stress (Souter et al.,
2010).

In addition, epicormic growth and extent of reproductive activity
(presence of flowers and/or fruits) was classified as four categories: 0
(absent, not visible), 1 (scarce, present but not readily visible), 2 (common,
clearly visible throughout the assessable crown), 3 (abundant, dominates
the appearance of the assessable crown). Epicormic growth is the growth
of shoots (= 3 cm in diameter) from the main trunk or major branches
after environmental stress (Souter et al., 2010). All trees were checked for
mistletoes, but none were found.

As recommended by Horton et al. (2011), we used a summative index
consisting of canopy extent, canopy density, and epicormic growth to indi-
cate tree health — hereafter referred to as the tree health index (THI). We did
not include reproductive ability in the THI because reproduction could be
seasonal, affecting comparability among surveys. While epicormic growth
is an indicator of favourable conditions that allow regrowth, it is also the re-
sult of prior medium to high water stress (Souter et al., 2010). We decided
to include epicormic growth despite these dual connotations because it
avoided the possibility of THI = 0 for trees persisting with epicormic
growth only. Because crown extent and density are considered the most im-
portant indicators of tree health (Souter, 2019), we retained them at their
larger scale (0-7, compared to 0-3 for epicormic growth), giving a maxi-
mum value of 17 for the THI. Trees that appeared dead at some surveys
but that later resprouted (i.e., epicormic growth or basal sprouts), were ret-
rospectively awarded a THI score of 1 (instead of zero).

2.5. 2021 Resurvey

In September and December 2021, we revisited all trees that had been
surveyed and tagged previously. Relocation of trees was achieved with
high confidence because of the availability of GPS locations for each tree
and because tags remained on, or had fallen directly beneath, at least two
of the four trees at each site. Due to potentially high spatial errors of up
to 10 m (especially in rugged terrain) and the loss of some tags, sometimes
extensive searching was required to locate the four trees at each site. Six
sites consisting entirely of blue gum were not resurveyed, as this species
was not the focus of our surveys and did not display signs of dieback.
Methods for the resurvey focused on replicating the methods used in the
earlier surveys (to facilitate comparisons) and on collecting additional
information on the size of trees and to provide area-based estimates of
dieback. It should be noted that assessment of tree condition may differ be-
tween individual observers (Ferretti, 1998; Souter et al., 2010).

To achieve area-based estimates, we determined a center point for
each site so that each of the four trees at a site was in a different quarter
(delineated using the four cardinal directions). For sites with one or more
blue gum trees among the four surveyed trees, blue gums were replaced
by the nearest stringybark in the relevant quarter. In one instance, no
nearest stringybark neighbour was present within 10 m and this site was ex-
cluded from analyses including biomass density. Additional trees were
added to four sites that had less than four trees surveyed when transects
were established. This resulted in a total of 112 sites with 448 trees of red
stringybark. This allowed estimating the tree density per hectare at each
site using three steps: 1) measuring the distance of each tree to the center
point, 2) averaging the four distances, and 3) multiplying the inverse of
the squared average distance by the value of the desired area (in this case
1 ha). This approach follows the point-centered quarter method (Cottam
and Curtis, 1956; Mueller-Dombois and Ellenberg, 2002). As 50 sites are
considered necessary for accurate estimates of tree density (Khan et al.,
2016), our total estimates of tree density should be reliable, while site-
based estimates are prone to error.

To estimate biomass, we recorded diameter at breast height (DBH) and
tree height for each stem of a tree (trees regularly had multiple stems),
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living or dead — note that these parameters were not recorded during previ-
ous surveys. As was practiced during the initial surveys, trees with dead
stems weres considered alive if there was any epicormic or basal growth
present. A stem was considered alive if epicormic growth was present
above 1.3 m in height. The height (Ht) was estimated to the nearest
meter using a 1.5 m range pole that was held up vertically overhead to pro-
vide a reference of approximately 3.5 m height. The DBH was measured
using a diameter tape 1.3 m above the ground. A wood density (WD) of
795 (= 19) kg.m_3 was assumed for all trees, based on measurements of
15 specimens from east coast populations (Ilic, 2002). We used these values
to calculate the above-ground biomass (AGB) following Chave et al. (2014)
as: AGB = 0.0673 x (WD x DBH? x Ht)>°7°. AGB was determined for
every stem and then aggregated per tree, meaning a single individual
could be composed of both living and dead biomass. Following the ap-
proach by Cottam and Curtis (1956) for basal area, we multiplied the esti-
mate of number of individuals per hectare by the mean AGB per tree to
obtain area-based estimates of biomass, i.e., biomass density. These calcula-
tions were done for each site (to obtain estimates of biomass density per
site) and for all 112 sites combined (to obtain a parkwide estimate).

As an estimate of regeneration, the occurrence of seedlings (< 1 m tall,
woody growth lacking) and saplings (< 1 m tall, woody growth present)
within a 3 m radius of the center point was recorded. Seedling and sampling
numbers for each site were combined to provide an indicator of recruit-
ment. In addition, aspect (in degrees rounded to 10° intervals and deter-
mined with a compass) and slope (in degrees using a clinometer) were
recorded for each site. We calculated ‘northness’ and ‘eastness’ as the cosine
and sine of the aspect (in radians), respectively (Fassnacht et al., 2003).
Where trees within a site were located on different slopes in a valley, the as-
pect and slope were recorded for each slope and then averaged.

2.6. Data analysis

To get an indication of trends in the health status of the red stringybark
population, the proportion of dead trees and the THI of all 441 stringybark
trees surveyed repeatedly since 2009 were determined (‘THI’ dataset;
Keppel, 2022). Note that for THI calculations, 12 trees that were surveyed
only during the first (2009) and last (2021) survey were excluded. Mortal-
ity rates are considered to be a robust indicator of forest health, while the
health status of trees is often difficult to assess objectively (Hartmann
et al., 2018). To illustrate changes in the mortality rate between the two
droughts, all 441 trees were assumed to have been alive in 2006, which is
reasonable because dieback was first reported in 2007 and all trees sur-
veyed in 2009 still had their bark present.

To get an indication of the proportion of trees and biomass lost, we cal-
culated the overall proportion of dead trees and proportion of dead AGB of
the 448 stringybark trees surveyed in 2021 (‘Biomass’ dataset; Keppel,
2022). Data manipulation and basic analyses were undertaken in Microsoft
Excel. ArcGIS Pro was used for spatial analyses and to illustrate the patterns
of mortality spatially. Because north-westerly winds draw hot, dry air
masses from the inland of the Australian continent, they can considerably
increase the intensity of heat waves (Al-Obaidi et al., 2021; Pezza et al.,
2012). Therefore, distance to the north-west corner of the population (the
area likely to be most affected by hot, dry summer winds) was calculated
as the planar distance to each sampling location using the “Near (Analysis)”
geoprocessing tool.

All subsequent analyses were implemented in the R statistical
environment (R Core Team, 2021; Table S2). Because the relationship
between tree height and drought vulnerability remains unresolved
(Trugman et al., 2021), we tested whether indicators of tree size within a
site (DBH [using the highest value for multi-stemmed trees], Ht, AGB, num-
ber of stems) were related to a tree being alive (0) or dead (1) within a site.
We used generalized linear mixed models with a binomial error structure
and sampling site as a random effect, implemented for each indicator
using the Ime4 package (Bates et al., 2022).

Across sites, we used the 112 sites of the 2021 survey (‘Drivers’ dataset;
Keppel, 2022) but included only trees that were surveyed in 2011 as well,
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including a total of 441 trees. We estimated mortality for each site after the (Mortality 2014-2021) was estimated by calculating the proportion of
Millennium Drought (Mortality 2006-2011), as the proportion of dead dead trees in 2021 of those that were still alive in 2014 (the last year of
trees per site in 2011, which was the first year definitely not affected by the last survey before the drought), but only for sites that had a minimum
this drought that ended in 2009 (Fig. 1d). Mortality after the Big Dry of two living trees in 2014, meaning that 12 sites were excluded. We used
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Mortality 2006-2011, Mortality 2014-2021, and regeneration observed in
2021 as indicators of dieback and persistence (response variables). Because
the response variables were proportions and count data, we used general-
ized linear models (GLMs) with quasibinomial and negative binomial
error structures using the MuMin (Bartoni, 2022) and MASS packages
(Ripley et al., 2022), respectively. Because regeneration had a high number
of zeros, we also implemented a zero-inflated binomial model concurrently
using the pscl package (Jackman, 2020).

To investigate potential drivers of dieback, we investigated various envi-
ronmental (northness, eastness, distance to the north-western corner of the
population (ANW)) and biological variables (tree density, and biomass density
(tons of AGB per ha)) as potential explanatory variables. Based on widely used
approaches (Zuur and Ieno, 2016; Zuur et al., 2010) to guide data exploration
and analyses, we implemented the following analytical approaches. Because
tree density and biomass density were strongly correlated (r = 0.64,p =
2.3 x 10~ '), we only retained biomass density. Measures of the amount of
biomass per unit area, such as biomass density, can be an indicator of sites
with growing conditions that are more marginal, as resource limitations can
reduce growth rates and maximum height (Klesse et al., 2022; Pan et al.,
2013). Because visual exploration revealed the relationships between the re-
sponse variables and biomass density and dNW to be curvilinear, we trans-
formed these two explanatory variables using log;o. All explanatory
variables were scaled for effect comparison to a mean of zero with a standard
deviation of 1 using the standardize package (Eager, 2021).

We scanned for any potentially significant two-way or three-way interac-
tions as predictors of mortality by implementing automated model ranking
on all possible three-variable combinations using the dredge command of
the MuMin package (Bartori, 2022). The following interactions were within
a AAIC of 2 and were therefore added to the global model; Biomass Density:
Northness, Biomass Density: dNW, Northness: Slope, Biomass Density: Slope,
and dNW: Slope. We then undertook stepwise model simplification, remov-
ing one non-significant variable at a time, beginning with any interactions,
and using the Akaike Information Criterion (Akaike, 1974) and ANOVA
test (difference needed to be non-significant) between the two models to en-
sure that the performance of the model did not decrease significantly due to
the removal of a variable. The final ‘best’ model included only significant var-
iables. Where the final model included both eastness and northness, we also
ran models with only one of these included, as both are derived from the
aspect. The significance of the best models was assessed by calculating the
p-value associated with X2 (= Null deviance — Residual deviance) and the re-
spective degrees of freedom. A pseudo-coefficient of determination was cal-
culated as * = 1 — (residual variance/null variance) and used as a measure
of model fit (Swartzman et al., 1995). Trends in the variables between sur-
veys were illustrated by plotting the effect sizes of all explanatory variables
(without interactions) in relation to mortality from 2006 to 2011 and
2014-2021 using the jtools package (Long, 2022).

3. Results

The summary species tree inferred for the red stringybark populations
using the AIM model in *BEAST2 (Fig. 2) resolves the SPCP population
with strong statistical support as sister to the Stawell population, from west-
ern Victoria. These populations are sister to a lineage including
E. macrorhyncha subsp. cannonii from the NSW Central Tablelands (the
Baal Gap population), along with all other populations sampled from the
eastern part of the species range.

The two major dieback events, broadly corresponding to the Millen-
nium Drought (2000-2009) and the Big Dry (2017-2019) were detected
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in the red stringybark population at SGCP. Of the 441 trees first surveyed
in 2009 (and assumed to be alive in 2006), 44.4 % had died by 2021, in-
cluding about 17.5 % between 2006 and 2011 and 24.5 % between 2014
and 2021 (Fig. 3a). There was some delayed mortality after the Millennium
Drought ended in 2009, with a mortality of 4.5 % between 2010 and 2013.

The droughts also affected the tree health index (THI), with a clear de-
cline in the index after the Big Dry (no data before the Millennium Drought
was available or could be inferred). However, during the years of annual
surveys (2009-2014), the THI appeared to be relatively stable, with only
a minor decline from 2012 onwards and some variability among years.
The decline in THI was not solely due to the death of trees but was also ev-
ident when only considering trees still alive in 2021 (Fig. 3b). The overall
pattern for the THI was reflected in its individual components, canopy den-
sity, canopy extent, and epicormic growth (Fig. 3c).

Of the 448 trees surveyed in 2021, about 42.6 % were multi-stemmed,
with 854 stems surveyed. Generally, trees had 2, 3, 4 or 5 stems, but three
trees had >10 stems (maximum 13 stems). Assuming all trees were alive be-
fore the two droughts, these 448 trees would have had an AGB of approxi-
mately 162,780 kg (range = 167,468-158,576 kg; based on variation in
wood density, see methods) and an average density of about 1464 trees/
ha. After the two droughts, 408 stems (47.7 %), 194 trees (43.3 %j;
Fig. 2b), and about 73,889 kg of biomass (45.5 %) had been lost from the
original 448 trees monitored.

While dieback was encountered throughout the population, mortality
was not evenly distributed (Fig. 4). Sites with high mortality were more
concentrated in the center and the north-west corner of the population,
while the north-east was seemingly least impacted. Many areas that did
not display mortality after the Millennium Drought were affected by the
subsequent Big Dry. The mixed effect models suggested that neither the di-
ameter (DBH; z = —0.656, p = 0.512), height (z = —1.552; p = 0.121),
number of stems (z = —1.210, p = 0.226), nor the above-ground biomass
(AGB; z = —1.178, p = 0.239) of trees were significantly related to
whether a tree was alive or dead within a site. However, all relationships
were negative, indicating a non-significant tendency for dead trees to
have smaller stems, shorter heights, less stems, and lower AGB.

There was a shift in the potential causative drivers of mortality (i.e., the
environmental variables significantly correlated with the proportion of
dead trees per site) identified after each of the droughts (Fig. 5). Northness,
biomass density, and slope were significant predictors of mortality from
2006 to 2011 (Table 1). Of these, only northness remained a significant cor-
relate of mortality from 2014 to 2021. Note that slope was negatively cor-
related with mortality, meaning that mortality was lower on steeper
slopes. For mortality from 2014 to 2021, the distance to the north-west cor-
ner of the population (ANW) was the only significant variable besides
northness. Biomass density and slope were no longer significant correlates
of mortality.

Regeneration, which here includes both seedlings and saplings, was ob-
served in just over 30 % of the 112 sites (Fig. S4). It displayed a positive re-
lationship with eastness and a negative relationship with northness,
suggesting seedlings and saplings were most frequently observed on
south-eastern aspects. However, eastness became non-significant (p =
0.053) when being the sole variable in the model, while northness re-
mained significant (p = 0.018).

4. Discussion

We found the isolated population of red stringybark in Clare Valley to
be genetically unique, suggesting isolation and persistence in this refugium

Fig. 3. Tree health in the red stringybark population in Spring Gully Conservation Park (SGCP) from 2001 to 2006. A: Proportion of dead trees among 441 surveyed red
stringybark trees on SGCP during seven surveys from 2009 to 2021, indicated using triangles. The 2006 value assumes that all surveyed trees were alive before the
observed dieback in 2007. B: Changes in the tree health index (THI range: 0 (dead) to 17 (healthiest)) among all 441 surveyed red stringybark trees in SGCP, and for 222
trees that remained alive during seven surveys from 2009 to 2021. C: Changes in the canopy density (CD; range = 0-7), canopy extent (CE; range = 0-7), and epicormic
growth (EG; range = 0-3), the three summative components of the THI, from 2009 to 2021. Note that values in B and C are reported annually from 2009 to 2014 and
then again for 2021, Boxes in B and C indicate the interquartile range, the bar the median, and the whiskers extend up to 1.5 times the interquartile range.
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Dieback (2011-2021)

Fig. 4. Maps showing locations of alive (green) and dead (red) red stringybark trees in 2011 (left) after the Millennium Drought and in 2021 (middle) after the Big Dry and
those trees that died between 2011 and 2021 (right). Note that the locations of trees are illustrated using the “disperse markers” technique, which spreads point symbols that

are too close for better visualization.

through climatic changes since well before the LGM. Nevertheless, >40 %
of individuals and of the AGB have been lost over the last 15 years or so.
Our results suggest that stand-level dieback can be a prolonged process, oc-
curring in stages and being related to droughts. Furthermore, the tree
health of remaining living trees is declining (Fig. 3b). Interestingly, the im-
portance of environmental variables as correlates of mortality changed dur-
ing the dieback process. Trees growing in sites with lower biomass and on
plateaus, i.e., in sites that are potentially more marginal, had a higher prob-
ability of dying during the first drought, while trees close to the north-west
corner of the population, i.e., sites potentially subjected to greater heat
stress, were more vulnerable during the second drought. Hence, our study
provides important insights into the changing dynamics of dieback during
successive droughts. Therefore, the only remaining red stringybark forest
ecosystem in South Australia is declining and potentially threatened with
collapse. However, the persistence of the red stringybark population may
not be tied to that of the ecosystem, as there are indications for prolonged
survival and regeneration in small pockets, i.e., microrefugia, on south-
and east-facing slopes that receive lower solar radiation (Fig. 6).

4.1. Long-term isolation
Inferred phylogenetic patterns among red stringybark populations sup-

port the early divergence of the SGCP population, along with the western
Victorian (Stawell) population, from those further to the east (Node B,

Fig. 3). Similar patterns of deep divergence have been found in several
sclerophyll plant lineages, such as Callitris (Worth et al., 2018), Correa
(French et al., 2016), Eucalyptus bicostata (Freeman et al., 2001),
E. behriana (Fahey et al., 2021), and Hardenbergia violacea (Larcombe
etal., 2011). These disjunctions and high levels of endemism in the regional
flora have been interpreted as evidence for the existence of refugial popula-
tions separated by the Lower Murray Basin during Pleistocene (e.g., Byrne,
2008).

The divergence between the SGCP and Stawell populations likely pre-
dates the LGM. Although there are no fossil data to calibrate molecular
rates and divergence times, a genome wide per generation mutation rate
has been recently estimated for E. grandis at 4.93 x 108 substitutions
per site per generation (Silva-Junior and Grattapaglia, 2015). Using this
rate, the split between the SGCP and Stawell populations (Node A, Fig. 3)
is estimated to have occurred around 4000 generations ago. Assuming a
generation time of at least 10 years (Silva-Junior and Grattapaglia, 2015),
these estimates suggest population divergence that predates the LGM
(c. 22-18 Ka) and that the Clare Valley population is refugial.

The Clare Valley population is also unique in other aspects. Climatically,
it experiences higher summer aridity than the more eastern populations
(Fig. S1). This may partly explain multi-stemmed individuals being com-
mon in the SGCP, despite the species being generally described as single-
stemmed (e.g., Barker et al., 2016), as the species may resprout from
below-ground epicormic buds when the main stem sustains drought
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Fig. 5. Effect sizes of explanatory variables explaining site mortality from 2006 to 2011 and from 2014 to 2021. Generalized linear models (GLMs) with quasibinomial error
distribution and including all four explanatory variables (eastness was excluded because it was not significant in either model) were used. Coefficient estimates (shapes) for
each explanatory variable with 95 % confidence intervals (bars) are shown. dNW = distance to the north-west corner of the population.
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Table 1

Best generalized linear models for red stringybark mortality from 2006 to 2011 and
2014-2021 and for regeneration in 112 sites in SGCP, Clare Valley, South Australia,
with quasibinomial (mortalities) or negative binomial (regeneration) error distribu-
tions. Biomass density and distance to the north-west corner of the population
(dNW) were log-transformed and all explanatory variables were scaled and centred.

Variable Estimate Std. Error t value P-value

Mortality 2006-2011
Model Parameters: X*> = 14.38, d.f. = 3,p = 0.002; pseudo-r* = 0.242

Intercept —-1.811 0.199 —9.124 455 x 107 '°
Biomass density —0.560 0.167 —3.343 0.001
Slope —0.643 0.206 —-3.114 0.002
Northness 0.387 0.192 2.014 0.047

Mortality 2014-2021
Model Parameters: X*> = 4.13,d.f. = 2,p = 0.127; pseudo-r* = 0.090

Intercept —0.795 0.131 —6.089 2.28 x 1078
northness 0.277 0.132 2.098 0.039

dNW -0.336 0.130 —2.587 0.011
Regeneration

Model Parameters: X> = 10.57, d.f. = 2,p = 0.005, pseudo-r* = 0.121)
intercept —0.0417 0.224 —0.186 0.853
northness —0.559 0.2223 —2.516 0.012
eastness 0.468 0.2205 2.125 0.034

damage. Historical logging and subsequent basal sprouting may also ex-
plain the multi-stemmed habit in the Clare Valley. Furthermore, evolution
in isolation over long time periods in unique environmental conditions
would suggest that the species may have evolved unique adaptations, as
has been found for other species of Eucalyptus (Steane et al., 2017), and fu-
ture studies should investigate whether unique adaptations are present in
this population.
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4.2. Dieback: a prolonged process with shifting drivers

Our study provides further evidence that drought and heat can induce
dieback in tree species (Matusick et al., 2016; Sanchez-Salguero and
Camarero, 2020; Stephenson et al., 2018). Because the relationship be-
tween drought stress and dieback is not linear but related to physiological
thresholds being exceeded (Allen et al., 2021; Brown et al., 2018), one
would expect a proliferation of dieback events globally as these thresholds
are being exceeded (Hammond et al., 2022). Given the predicted increases
in extreme weather events because of anthropogenic climate change
(Braganza et al., 2013; IPCC, 2021) and the increasing reports of dieback
across biomes globally (Hammond et al., 2022), this raises concerns for
the persistence of many tree populations (Brown et al., 2018; Hammond
et al., 2022).

In the case of red stringybark population in SGCP, our results suggest
that dieback is a prolonged process, occurring in stages and with changing
causative drivers. During the first drought, the potential drivers associated
with dieback were sites that are potentially more marginal (as indicated by
low biomass density) or located on north-facing slopes and flat parts of the
landscape. While the latter may seem counter-intuitive, the topography of
the SGCP is such that flat topography is predominantly found on plateaus
that have shallow soils and experience high solar radiation. Hence, sites
that present more marginal growing conditions or have lower water avail-
ability were apparently the most vulnerable during the first drought. Both
the marginality and lower water availability are well-documented drivers
of dieback (Brouwers et al., 2013; Brown et al., 2018; Klesse et al., 2022;
Stephenson et al., 2018) and red stringybark is potentially vulnerable to
long-term water shortages due to a relatively shallow root system
(Eberbach and Burrows, 2006).

An alternative explanation for the higher mortality on topographically
less complex parts of the park could be historical anthropogenic
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Fig. 6. Summary of the dieback process in the red stringybark population at SGCP, Clare Valley, South Australia. Widespread collapse of stands (100 % mortality of surveyed
trees at a site; top picture) is observed at sites exposed to high solar radiation (i.e., excluding south-facing slopes) and sites that are potentially more marginal (i.e., lower
biomass density, not shown on map). Relatively healthy stands of red stringybark with 0 % mortality and high regener